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Abstract 
The geological disposal of spent nuclear fuel may represent a good solution after a 
thorough risk assessment. In Finland and Sweden, the host rock for geological disposal is 
crystalline rock and the repository is based on the Swedish KBS-3 multi-barrier design. 
When radionuclides from spent nuclear fuel are potentially released into the bedrock, they 
are then transported by advection along water-conducting fractures. The retardation of 
radionuclides can occur via molecular diffusion into stagnant pore water and/or via chemical 
retardation onto mineral surfaces in the rock matrix. When assessing the risk of spent 
nuclear fuel deposition, it is important to understand the transport behaviour of 
radionuclides in the bedrock, that is, at the rock–groundwater interface. 
 
Most parameters, such as the diffusion coefficient, the distribution coefficient and the 
rock porosity, associated with radionuclide migration in the rock are obtained from 
laboratory scale experiments. In order to apply results from laboratory experiments to the 
full-scale nuclear fuel deposition, in-situ experiments are performed. For example, the Swiss 
National Cooperative for the Disposal of Radioactive Waste (Nagra) have been conducting 
extensive in-situ experiments at the Grimsel Test Site (GTS). During the first in-situ test, 
tritiated water (HTO), 22Na, 134Cs and 131I, as well as non-radioactive isotopes 127I and 23Na, 
were circulated in a borehole interval isolated by packers 70 cm apart from each other. The 
second ongoing Long Term Diffusion (LTD) experiment primarily uses the same 
radionuclides as well as the non-radioactive element selenium. 
 
This thesis presents the laboratory analysis of HTO and iodine from an in-situ diffusion 
experiment and supporting laboratory studies aimed at determining the sorption and 
diffusion of caesium and selenium on Grimsel granodiorite (GG). Caesium sorption was 
studied through batch sorption experiments using crushed rock, while selenium diffusion 
and sorption relied on batch and block scale experiments using Kuru grey granite (KGG) 
and GG rock blocks. HTO and iodine diffusion was modelled using the time domain 
diffusion (TDD) method among in in-situ rock blocks as well as selenium in a laboratory 
using rock blocks. 
 
The outleaching method proved successful for analysing non-sorbing radionuclides from 
the connected pore network of the GG. TDD modelling of the results lead to an apparent 
diffusion coefficient of 3 × 10-10 m2/s for both HTO and iodine. No significant difference 
between the in-situ and laboratory diffusion coefficient was detected. Caesium sorption 
stood at 0.107 ± 0.003 m3/kg on GG at a 10−8 M Cs concentration. Sorption was highest on 
biotite at Kd = 0.304 ± 0.005 m3/kg, explaining the in-situ diffusion results of caesium which 
followed the biotite veins in GG. 
 
The sorption of selenium was significantly overestimated when the determination was 
conducted on crushed rock using the batch sorption method compared to studies conducted 
on intact rock. The outleaching method proved successful in the analysis of non-sorbing 
radionuclides, while flexible TDD modelling proved to be a quite useful tool in handling 
measured data from both block scale experiments and in-situ experiments of weakly and 
non-sorbing tracers. 
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1 Introduction 
Using nuclear energy creates highly radioactive spent nuclear fuel, which, if not 
disposed safely, can harm humans and the environment. In many countries, geological 
disposal has proved a good and safe solution to this problem when all the aspects of risk 
assessment have been taken into account. In Finland and Sweden, the host rock for 
geological disposal is crystalline rock, while repository is based on the Swedish KBS-3 
concept (nuclear fuel safety), a multi-barrier design (Swedish Nuclear Fuel Supply Co 1983, 
SKB 2010, Posiva 2013). 
 
The time scale for geological disposal spans hundreds of thousands of years. The 
behaviour of nuclear fuel during that time depends specifically on chemical changes such 
as the fission, neutron capture and sequential beta decay that fuel undergoes in the reactor 
(Ewing 2015). The radioactivity of spent nuclear fuel results from fission products such as 
131I, 90Sr and 137Cs, activation products such as 60Co and transuranium elements such as 
239Pu and 241Am (Ewing 2015). The initial activity is dominated by short-lived fission 
products including 137Cs and 90Sr (Ewing 2015). Later, the total activity is dominated by 
long-life radionuclides including 79Se, 135Cs and 129I (Nykyri et al. 2008, Haapanen et al. 
2009, Ewing 2015). The relative importance of the radionuclides depends on their mobility 
under geological disposal site conditions. 
 
In crystalline rock, the groundwater flow through water-conducting features such as 
fractures stands as the primary mechanism of radionuclides transport. Diffusion into the 
stagnant pore water of the rock matrix and sorption onto the mineral surfaces serve as the 
most significant retarding processes (Dai et al. 2007, Grisak and Pickens 1980, Neretnieks 
1980). These parameters for assessing the spent nuclear fuel deposition safety typically rely 
on laboratory scale experiments. For example, the distribution coefficients (Kd) of 
radionuclides can be determined using batch sorption on crushed rock samples (Hakanen et 
al. 2012) and the diffusion coefficients obtained through diffusion experiments performed 
using bore cores (Siitari-Kauppi et al. 1997, Johansson et al. 1998). Laboratory experiments 
represent commonly accepted and well-established approaches, although differences have 
been found between the distribution and diffusion coefficients obtained under laboratory 
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conditions when compared to in-situ and intact rock experiments (Bradbury and Stephen 
1985, Tachi et al. 1998). 
 
In order to study the relevance of the distribution, diffusion and porosity values from 
laboratory experiments for crystalline rock, in-situ experiments remain important for 
assessing spent nuclear fuel deposition. In-situ experiments represent one step in upscaling 
radionuclide migration behaviour from laboratory to real conditions. In-situ experiments 
have been conducted in several countries including Finland, Sweden and Canada, while in-
situ diffusion experiments using radionuclides have been conducted in crystalline rock 
(Widerstrand et al. 2010, Vilks et al. 2003, Vilks and Miller 2007, Voutilainen et al. 2014). 
For example, Vilks et al. (2003, 2007) conducted experiments using the non-sorbing tracers 
tritiated water (HTO) and iodine. In Sweden, they used 21 different tracers consisting of 
both sorbing and non-sorbing tracers (Widestrand et al. 2010). Furthermore, in Finland, in-
situ diffusion experiments were carried out at ONKALO, the underground rock 
characterisation facility in Olkiluoto. There, the non- and weakly sorbing tracers HTO, 22Na, 
36Cl and 125I were used (Voutilainen et al. 2014). 
 
This thesis represents a part of extensive in-situ experiments conducted by the Swiss 
National Cooperative for the Disposal of Radioactive Waste (Nagra) at the Grimsel Test 
Site (GTS) aimed at assessing radionuclide transport and retention in Grimsel granodiorite 
(GG). GTS, located in the Swiss Alps, lies at a depth of about 450 metres below the ground 
surface. An in-situ long-term diffusion project (LTD) was set up at GTS in collaboration 
with the Japan Atomic Energy Agency (JAEA), the National Research Institute of the Czech 
Republic (NRI), the Radioactive Waste Repository Authority of the Czech Republic 
(RAWRA) and the Laboratory of Radiochemistry at the University of Helsinki (HYRL) 
(Soler et al. 2015). The tracers used in the LTD in-situ experiments consisted of HTO, 134Cs 
and inactive selenium and iodine, the radionuclides upon which this thesis focuses. In the 
long-term safety calculations 129I and 135Cs are high-priority radionuclides that are expected 
to dominate the dose (Nykyri et al. 2008, Haapanen et al. 2009). 79Se is one radionuclide 
that may significantly release into the geo- and biosphere, although its contribution is 
expected to be minor (Nykyri et al. 2008, Haapanen et al. 2009). HTO stands as a widely 
used conservative tracer in migration experiments (Appelo and Van Loon 2010, Huo and 
Roos 2008) and mimics the water in saturated rock in-situ. HTO and iodine represent non- 
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and very weakly sorbing radionuclides, while selenium is a weakly sorbing radionuclide 
and caesium a strongly sorbing radionuclide. 
 
This thesis describes the laboratory analysis of in-situ experiments and supporting 
laboratory studies evaluating the diffusion and sorption of radionuclides in crystalline rock. 
A methodology was developed for the HTO and iodine analysis from a connected pore 
network of rock cores in order to calculate their in-situ diffusion coefficients in GG. The 
distribution coefficients (Kd) of 134Cs on GG and the primary minerals were identified using 
batch sorption experiments, thus allowing comparison to previously determined in-situ Kd 
values. The behaviour of selenium in GG was studied using batch sorption and block scale 
diffusion experiments to assess the sorption and diffusion of selenium. This allowed for a 
comparison of the results between different methods. 
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2 Background 
The geological disposal of high-level radioactive waste and spent nuclear fuel into deep 
geological repositories has been extensively studied in many countries, such as in Finland 
(Posiva 2013), Sweden (SKB 2010), Switzerland (Nagra 1994), France (Andra 2005) and 
others (Winterspoon 1996). Spent nuclear fuel repositories aim to protect humans and the 
environment from the radiological impact by containing this type of waste for a sufficient 
amount of time such that the radioactivity decays to acceptable limits (Perhman 2012). 
Some host rocks considered viable include deep-lying crystalline rock, clay and salt 
formations (Winterspoon 1996, Posiva 2013). Geological disposal in crystalline rock is 
based on the Swedish KBS-3 concept (the acronym refers to the Swedish term 
kärnbränslesäkerhet or nuclear fuel safety), the multi-barrier design of which appears in 
Figure 1 (Swedish Nuclear Fuel Supply Co 1983, SKB 2010, Posiva 2012, Posiva 2013). 
This system relies on four separate barriers: the canister, the bentonite buffer, the bentonite 
backfill and the surrounding bedrock. The canisters, composed of an inner cast-iron insert, 
provide mechanical stability against bedrock movement and include an outer corrosion-
resistant copper layer (Swedish Nuclear Fuel Supply Co 1983, SKB 2010). These canisters 
are then surrounded by a bentonite buffer, isolating them from the bedrock. Bentonite 
consists of clay composed of montmorillonite/smectite that swells when it comes into 
contact with water. This buffer prevents groundwater flowing through the immediate 
vicinity of the canister, while simultaneously protecting it from minor rock movements. 
Backfill in the repository tunnel consists of a mixture of crushed rock and bentonite. This 
provides mechanical stability and prevents considerable groundwater flow into the tunnels. 
The fourth barrier consists of the surrounding bedrock (Swedish Nuclear Fuel Supply Co 
1983, SKB 2010). Should a leak in the canister occur, whether caused by a manufacturing 
defect to the canister or corrosion, the bentonite buffer and crystalline rock retards the 
migration of radionuclides into the biosphere (Nykyri et al. 2008, Vieno and Nordman 1996 
and 1999). In the performance assessment of repository safety, two possible scenarios exist 
for radionuclide release. One comprises a leak in a defective canister, while the other 
concerns oxygen-rich glacial water flooding the repository level during an ice age melting 
period. This could alter the chemical conditions in the repository and cause the oxidation of 
some of the radionuclides forming more mobile species (Poteri et al. 2014). 
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Figure 1. KBS-3 multi-barrier repository design (Kautsky 2013). 
 
If radionuclides are released and the other barriers fail, the bedrock serves as the last 
defence between the repository space and the biosphere. This thesis concentrates on 
studying the migration of radionuclides in crystalline bedrock using in-situ and laboratory 
methods. 
2.1 Migration of radionuclides into the bedrock 
Groundwater flow through water-conducting features such as fractures represents the 
primary mechanism of radionuclide transport in crystalline rock. Diffusion into the stagnant 
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pore water of the rock matrix (i.e. matrix diffusion) and sorption onto the mineral surfaces 
are the most significant processes that retard this transportation flow through fractures (Dai 
et al. 2007, Grisak and Pickens 1980, Neretnieks 1980) (Figure 2).  
 
 
Figure 2. The primary mechanisms of radionuclide transport and retention in crystalline rock. 
 
Diffusion is a process whereby dissolved species are transported from one part of a 
system to another by means of Brownian movement (Frick 1993). In nuclear waste 
management in crystalline rock, matrix diffusion whereby radionuclides diffuse into the 
pores of the rock matrix is important retention mechamism (Johansson 2000). The typical 
parameters for diffusion in performance assessment calculations consist of the effective 
diffusion coefficient (De), which describes the mobility of the dissolved substance in the 
water-filled pores taking into account the porosity and structure of the pore network, and 
the apparent diffusion coefficient (Da), which also takes sorption into account. Da is affected 
by the free diffusion of a substance in the solution, the degree of porosity and the structure 
of the pores (Frick 1993).  
 
Sorption typically describes all of the processes that increase the concentration of a 
dissolved species at the solid–solution interface. These include adsorption and other surface 
processes such as surface precipitation and incorporation into minerals. The adsorption of 
radionuclides on rock and mineral surfaces occurs via two mechanisms—ion exchange and 
surface complexation (Essington 2004, Johansson 2000). During ion exchange, the ion 
attracted to the surface of the mineral by an electrical charge is replaced by another ion. 
Alkaline metals and earth alkaline metals typically sorb by a cation exchange mechanism. 
Ion exchange depends on the properties of the solid/mineral and liquid/ground water phase. 
The number and type of sorption sites in the solid/mineral phase varies according to the 
properties of the solution, including the pH, elemental composition and ionic strength. In 
surface complexation, the hydroxyl groups or other functional groups on the mineral surface 
act as ligands for complex formation (Essington 2004, Johansson 2000). Two surface 
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complexation mechanisms include the inner and outer sphere complexation. Outer sphere 
complexation is not specific and ions with a similar charge compete for the same sorption 
sites (Essington 2004, Söderlund 2016). Inner sphere complexation is specific and relatively 
strong (Essington 2004, Johansson 2000, Söderlund 2016), and depends on the pH, but is 
less dependent on the ionic strength (Essington 2004, Johansson 2000). Sorption is 
described using the mass-related sorption distribution coefficient (Kd), a parameter that 
describes the distribution of the dissolved species between the solid phase and the aqueous 
phase (Johansson 2000). 
 
The diffusion and sorption of radionuclides in crystalline rock have been extensively 
studied in the laboratory over the last three decades (Skagius and Neretnieks 1988, Siitari-
Kauppi et al. 1997, Johansson et al. 1998, Tasi et al. 2009), but very few studies have been 
carried out under in-situ conditions (Möri et al. 2003a, Vilks et al. 2004, Widestrand et al. 
2007). Whilst laboratory scale experiments are well-established approaches for 
characterising rock properties such as the permeability, diffusion, sorption and porosity, 
significant variation exists in the diffusion and distribution coefficients as well as in rock 
porosity values depending upon whether they are acquired from laboratory experiments 
using crushed rock material or from in-situ and intact rock experiments (Bradbury and 
Stephen 1985, Tachi et al. 1998). Stress release when drilling rock cores from the bedrock 
and other sampling and sawing artefacts change the structure of rock samples. This becomes 
most obvious for crushed rock material in which the specific surface area is larger than that 
for intact crystalline rock (Hellmuth et al 1995). Another example of differences is that the 
in-situ tortuosity of granodiorite appears to be significantly higher than that obtained from 
laboratory granodiorite samples (Cramer et al. 1997). Moreover, about half of the connected 
porosity determined using standard laboratory measurements can result from stress release 
and sample preparation artefacts after in-situ porosity tests performed in GTS (Freig et al. 
1998, Schild et al. 2001, Möri et al. 2003b). Kd has been determined using a simple crushed 
rock batch sorption method and is typically slightly higher than that from diffusion 
experiments using intact rocks (Bradbury and Stephen 1985, Tachi et al. 1998). Yet, for ion-
exchange sorbing tracers, values may fall within the range of laboratory values (Widerstrand 
et al. 2010). Diffusion coefficients determined under laboratory conditions appear to be 
higher (Vilks et al. 2003, Soler et al. 2015) or fall within the range (Van Loon et al. 2004) 
of in-situ experiments. To reliably compare results obtained from batch and in-situ diffusion 
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experiments, the block scale diffusion experiments used in this study represent a useful step 
for upscaling Kd derived from batch sorption experiments. In the block scale diffusion 
experiments, the diffusion and sorption of radionuclides are studied in tens of centimetre-
sized rock blocks, a geometric measurement similar to that for in-situ experiments, and on 
samples containing fewer disturbances than crushed rock.  
2.2 Properties of radionuclides 
2.2.1 Tritiated water (HTO) 
HTO is widely used as a conservative tracer in migration experiments specifically for 
in-situ and laboratory studies in the field of nuclear waste management (Appelo and Van 
Loon 2010, Huo and Roos 2008, Vandergraaf 1996, Widerstrand et al. 2007). HTO can be 
used to study the migration diffusion of water in a rock matrix and is often used to present 
neutral non-sorbing tracers (Johansson et al. 1998).   
2.2.2 Iodine 
Iodine has many fission product nuclides such as 129I, 131I, 132I, 133I, 134I and 135I. 129I, 
with a half-life of 1.7 × 107 years, is a fission product generated in nuclear power plants and 
accumulates in spent nuclear fuel. Iodine has multiple oxidation states and can occur in 
inorganic and organic species (Atwood 2010). In natural waters with a pH of 7 to 8, iodine 
is typically in the form of iodide (I-). Since iodide has a high mobility in the geosphere and 
soil, 129I represents one of the few radionuclides that can enter the biosphere several tens to 
hundreds of thousands of years after the closure of a repository containing spent nuclear 
fuel (Lehto and Huo 2011, Vilks et al. 2003). According to safety assessment calculations, 
129I is thus one of the key radionuclides controlling the long-term safety of repositories 
containing spent nuclear fuel (Nykyri et al. 2008, Haapanen et al. 2009). The release of 129I 
from a repository can occur instantly or via gradual leaching in case of canister failure. The 
anionic form of 129I has a negligible sorbtion to mineral surfaces and can feature a lower 
mobility compared to conservative tracers such as HTO because of anion exclusion (Frick 
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1993). In migration models, 129I is assumed to behave similarly to neutral non-sorbing 
nuclides (Poteri et al. 2012).  
2.2.3 Caesium (Cs)  
137Cs and 135Cs are formed in the nuclear fuel cycle and are common fission products 
found in spent nuclear fuel (Steefel et al. 2003, Lehto and Huo 2011). 135Cs is of particular 
concern in safety assessments for the final disposal of spent nuclear fuel due to its long half-
life of 2.3 million years and its high solubility (Crawford et al. 2006). Caesium is one of the 
most studied radionuclides originating in spent nuclear fuel and has a strong sorption to 
mineral surfaces in crystalline rock (Crawford et al. 2006). In aqueous media, Cs often 
appears as free cation Cs+ (Atwood 2010). Cs sorbs via an ion exchange mechanism and, as 
a cation with an ion radius of 1.67 Å (coordination VI) (Shannon 1976), it has a very small 
hydration energy rendering its sorption highly selective (Hakem et al. 2000). Cs sorbs 
selectively through charge-compensating ion exchange and extensive research exists on its 
sorption particularly on illitic soils and sediments (Steefel et al. 2003, de Koning 2007). 
Various experiments found that the sorption of caesium is highly preferential on the 
different sites of mineral crystals (Fuller et al. 2014, Bradbury and Baeyens 2000). These 
sites have been characterised as a low number of high affinity sites where sorption is most 
preferential and as a high number of non-specific low affinity or planar sites (Hoehn et al. 
1998, Kyllönen et al. 2014). Additionally, the high affinity sites fall into two categories, 
frayed edge sites (FESes) located along the edge of the inner layer and type II sites situated 
further out on the edge-interlattice positions (Bradbury and Baeyens 2000 Hoehn et al. 1998, 
Brouwer et al. 1983). Initially, Cs is sorbed primarily on selective FESes; once these sites 
are fully occupied, Cs additionally sorbs to type II and planar sites (Muuri et al. 2017). Some 
evidence suggests that Cs sorption represents a multi-step process involving an initial, rapid 
uptake onto low affinity sites followed by a slow redistribution of Cs+ to the more sparsely 
distributed FES and interlayer sites of phyllosilicate minerals (Crawford et al. 2006). 
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2.2.4 Selenium 
In addition, 79Se is a high-priority radionuclide found in radioactive waste and spent 
nuclear fuel of particular concern for the long-term safety of radioactive waste repositories 
given its long half-life (3.7 × 105 years) and its high mobility in the geological environment 
(Atwood 2010, Lehto and Huo 2011, Nykyri et al. 2008, Haapanen et al. 2009). 79Se is a 
fission product with a low fission yield of 0.04% (Ewing 2015). Most 79Se is produced from 
selenium-bearing materials found in nuclear fuel itself and reactor construction materials 
using the neutron activation of stable 78Se. By far, 78Se represents the most ubiquitous 
radioisotope of selenium found in radioactive waste. Another selenium isotope in 
radioactive waste as a result of the neutron activation of 74Se is 75Se, characterised by a short 
half-life and which is not harmful for long time periods (Lehto and Huo 2011).  
 
The mobility of 79Se largely depends on the oxidation state. For selenium, multiple 
possible oxidation states exist, consisting of –II, 0, IV and VI (Figure 3). In water under 
oxic conditions, oxidation state VI dominates and selenium exists in the form of selenate 
(SeO42−). At lower redox potentials, oxidation state IV is found and selenium exists in the 
forms of selenite (SeO32−) and biselenite (HSeO3−) (Atwood 2010, Lehto and Huo 2011). 
The reduction of SeO42− to SeO32− occurs slowly when the redox potential is lower than 
+400 mV in neutral pH. Under intermediate redox potentials (approximately +100 to +200 
mV, neutral pH), selenium reduces to elemental selenium. Under very low redox potentials, 
selenium forms selenide ions Se2− in oxidation state –II (Lehto and Huo 2011). SeO42− and 
SeO32− represent the most common forms found in natural water. In water in equilibrium 
with atmospheric oxygen, the Eh) typically ranges between 500 and 600 mV (Mohamed 
and Antia 1998) and SeO42− dominates (Lehto and Huo 2011).  
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Figure 3. Eh–pH diagram of selenium (Takeno 2005). The dashed line presents the stability 
limits of water (lower limit: decomposition of water into hydrogen gas; upper limit: 
decomposition of water into oxygen gas). 
 
Following release from a geological repository to the host rock, selenium is assumed to 
be in oxidation states IV and VI. However, thermodynamic calculations show that selenium 
also exists at the lower oxidation states 0 and –II due to contact with the iron canisters 
(Altmann 2008). Selenium reduction is slow and kinetically hindered because it involves 
the transfer of multiple electrons along with multiple oxygen atoms between its various 
oxidation states (De Cannière et al. 2010, Grambow 2008, Savoye et al. 2012, Séby et al. 
1998). 
 
The sorption of anionic species typically decreases as a function of pH because the 
mineral surfaces become negatively charged leading to the higher mobility of selenium 
oxyanions in neutral and basic pH (De Cannière et al. 2010). Selenium oxyanion sorption 
occurs through a surface complexation mechanism. The sorption of selenium strongly 
occurs only on aluminium and iron minerals, such as goethite, hematite and pyrite (Boult et 
al. 1998, Duc et al. 2003, Parida et al. 1997, Rovira et al. 2008). SeO42- forms weakly bound 
outer-sphere complexes, while SeO32- forms stronger inner-sphere complexes with hydrous 
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aluminium oxides and iron oxides (De Cannière et al. 2010). The adsorption capacity of 
selenium on aluminium oxides is higher than that on iron oxides (Chan et al. 2009, Peak 
2006) and the retention of selenium is controlled by the reduction of selenium to lower 
oxidation states or by surface complexation. Indications of selenite reduction to 0 and –II 
were observed in diffusion experiments in Callovo-Oxfordian clay stones (Beauwens et al. 
2005, Descostes et al. 2008, Savoye et al. 2012). However, in Boom clay, SeO42− ions did 
not diminish along their migration path even though IV and –II were thermodynamically 
stable oxidations states. The presence of iron-bearing minerals increases the sorption 
significantly because they act as selectively sorbent for selenium species (Videnská et al. 
2013; 2015, Yllera de Llano et al. 1996). In crystalline rock, most selenium sorption occurs 
in iron-bearing minerals (Jan et al. 2008). The effective diffusion coefficient (De) of highly 
mobile selenium oxyanions decreases with the decreasing salinity due to the anion exclusion 
caused by the negative surface charge of the minerals (Iida et al. 2011). 
2.3 Time domain diffusion (TDD) modelling 
The in situ and laboratory diffusion experiments presented in this thesis are difficult to 
analyse using analytical or traditional tools since either the initial or boundary conditions 
are challenging to handle given the geometry of the experiment or the complex sampling 
procedure. Thus, the time domain diffusion (TDD) method was applied (Delay and Porel 
2003, Robinet et al. 2008, Sardini et al. 2003, Sardini et al. 2007). This method provides a 
fast and simple means of implementing changes to the boundaries during tracer diffusion. 
The TDD method is a rapid particle-tracking method allowing researchers to simulate 
diffusion in heterogeneous media when the local porosities and diffusion coefficients are 
known. Using this method, a particle is forced to jump to a neighbouring point during a 
certain random transition time, making it faster than traditional particle-tracking methods 
(Sardini et al. 2003). The TDD method was developed to simulate diffusion in 
heterogeneous media (McCarthy 1993, Delay et al. 2002, Delay and Porel 2003) and has 
also been used to study the effect of structural heterogeneities on diffusion in a variety of 
contexts (Sardini et al. 2007, Robinet et al. 2008, Robinet et al. 2012, Voutilainen et al. 
2013). Furthermore, Dentz et al. (2012) modified the method by including the sorption of 
the migrating element in heterogeneous media. As such, they included a trapping frequency 
parameter to mimic chemical sorption and desorption processes. This can be applied such 
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that the distribution and diffusion coefficients, typically used for geological materials, can 
be utilised. 
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3 In-situ experiment at the Grimsel Test Site (GTS) 
This thesis presents the results from laboratory studies and the analysis of in-situ 
experiments conducted at the Grimsel Test Site (GTS) in Switzerland. The first in-situ test 
of LTD project (LTD 1) began in June 2007 (Figure 4). HTO, 22Na, 134Cs and 131I as well 
as non-radioactive isotopes 127I and 23Na were circulated in a borehole interval isolated by 
packers 70 cm apart from each other at a depth of 7.6 m from the tunnel. Thus, the injection 
interval was 70 cm long and the matrix diffusion of the solutes took place at this interval. 
The tracers were diluted in Grimsel groundwater partly equilibrated with the matrix rock 
during a pre-circulation phase at a test interval of four months. The total volume of the 
circulated solution was 8 l. The tracer concentration in the cocktail was measured on-site by 
γ−spectrometry and at a later stage of the experiment by laboratory analysis of water 
samples. After the circulation phase, the rock matrix around the circulation borehole was 
excavated. Circulation ceased in August 2009 and the complete in-situ diffusion test interval 
was cored over in October 2009.  The second LTD experiment (LTD 2) began in autumn 
2013 using the radionuclides HTO, 22Na, 134Cs, 36Cl and 133Ba as well as the non-radioactive 
element selenium.  
 
Figure. 4. Schematic illustration of the in-situ long-term diffusion (LTD) experiment consisting 
of an 8-m borehole instrumented with a triple packer system connected to tracer circulation 
and monitoring equipment housed in a cabinet in the AU gallery (controlled zone) of the 
Grimsel Test Site (GTS).   
LTD surface equipment housed in a 
cabinet in the AU gallery (radiation
controlled zone)
Upper pressure interval
Lower pressure interval
Circulation interval
Packers
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4 Laboratory experiments (papers I–IV) 
4.1 Materials 
Grimsel granodiorite (GG) is a homogeneous, medium-grained and slightly foliated 
granodiorite. The primary minerals, obtained using the point-counting method from two 
thin sections, consist of plagioclase (37%), quartz (33%), potassium feldspar (17%) and 
biotite (6%). The remaining minerals, which do not exceed 5% in volume, comprise green 
amphibole (hornblende), muscovite, epidote, titanite and opaque minerals, most likely iron 
sulphides such as pyrite (Jokelainen et al. 2013). The average porosity of GG in LTD 1 was 
0.65% and was obtained through the polymethylmethacrylate (PMMA) autoradiography 
method from the rock core. The porosity of GG at GTS varied between 0.40% and 0.69% 
(Figure 5) (Kelokaski et al. 2006) and the permeability stood at 1.3 ± 0.3 × 10−17 m2 (Kuva 
2016). The specific surface area (SSA) of crushed GG rock material of grain size <0.3 mm 
was 0.330 ± 0.002 m2/g (Nuclear Chemistry Chalmers 2015 BET /krypton).  
 
 
Figure 5. Photograph (left) and corresponding 14C polymethylmethacrylate (PMMA) 
autoradiograph (right) of Grimsel granodiorite (GG). In the autoradiograph the dark areas 
show the porosity distribution, where the darker shade represents a higher porosity 
(Kelokaski et al. 2006).  
 
Kuru grey granite (KGG) is a homogeneous, non-oriented, fine-grained crystalline rock 
quarried from Kuru in the central part of Finland. The main minerals present include 
plagioclase (21%), quartz (35%), potassium feldspar (36%) and hornblende + biotite (8%) 
(Finstone Suomalainen kovakivi 2017). Minor assemblages consist of muscovite, chlorite, 
sericite, zircon, apatite and opaque minerals. The porosity of KGG stands at 0.47% 
(Jokelainen et al. 2009) analysed using the PMMA method with a permeability of 3 ± 1 × 
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10-18 m2 (Kuva 2016). SSA of crushed KGG rock material with a grain size <0.3 mm was 
0.428 ± 0.003 m2/g (Nuclear Chemistry Chalmers 2015 BET /krypton). KGG was used as 
the reference rock for homogeneous granite in the selenium sorption and block scale 
diffusion experiments.  
 
Sorption and diffusion laboratory experiments with GG were conducted using simulated 
Grimsel groundwater. The simulant was prepared according to Mäder et al. (2006), 
representing the fracture water from GTS. Modified Allard groundwater (Allard and Beal 
1979) was used in the KGG experiments. The Allard groundwater simulant is average 
groundwater from some Swedish moderately saline groundwaters. Typically it is used in 
sorption experiments in Sweden and Finland (Hölttä et al. 1998). Table 1 presents the 
elemental compositions of these groundwater simulants. The groundwater at GTS is 
significantly alkaline and weakly saline with a few competing ions for the sorption of 
caesium. In comparison, the Allard groundwater is less alkaline and more saline.   
 
Table 1. The elemental composition of groundwater simulants used in the block diffusion and 
batch sorption experiments. 
 pH 
Na+ 
(mg/L) 
K+  
(mg/L) 
Ca2+ 
(mg/L) 
Mg2+ 
(mg/L) 
F-   
(mg/L) 
Cl-  
(mg/L) 
NO3- 
(mg/L) 
HCO3- 
(mg/L) 
SO42- 
(mg/L) 
SiO32-
(mg/L) 
Grimsel 9.6 25.7 0.3 5.6 – 7.0 6.0 17.4 27.5 5.8 19.0 
Allard  8.4 57.5 3.9 18.0 4.4 – 42.5 - 122.0 9.6 18.3 
 
4.2 Post-mortem analyses of in-situ subsamples (paper I)  
This paper focuses on laboratory analyses of HTO and iodine from overcored 
subsamples taken from the in-situ LTD 1 experiment. HTO and iodine are not retained in 
the rock causing difficulties in the subsampling of overcores by sawing and drilling. Hence, 
the outleaching method was developed to evaluate the in-situ diffusion profiles of these 
elements. Overcores were vacuum wrapped in aluminium foil during transportation and 
storage to prevent drying and the loss of tracers. 
 
Boreholes 7 cm long and 1 cm in diameter were drilled into the HYRL1 and HYRL2 
blocks as shown in Figure 6. Drill cores 0.8 cm in diameter were extracted from each of the 
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boreholes. Because the HYRL2 overcore overlaps the circulation interval, the boreholes 
were drilled into the side within the diffusion plume. Analysis of HTO and I was performed 
by outleaching the elements from the rock matrix pore water into a non-tracered solution 
using both boreholes drilled into the overcores and the drill cores removed from the 
boreholes. Those boreholes used for outleaching HTO were assigned the prefix code ‘H’ 
while those for iodine were assigned the prefix code ‘I’. In the HYRL1 overcore, holes H1 
through H6 and I1 through I7 were drilled parallel to the foliation, while H8 through H14 
and I8 through I15 were drilled perpendicular to it. For HYRL1, the holes were drilled quite 
close to one another (as little as 0.5 cm apart), whereas for HYRL2 the distance between 
neighbouring outleaching boreholes was about 1 cm. During the outleaching experiments, 
HYRL1 and HYRL2 were placed into sealed plastic containers filled with deionised water 
to prevent drying of the overcores.  
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Figure 6. Timeline for the in-situ diffusion experiment and subsequent laboratory tests. The 
schematic drawing illustrates the sectioning of the original overcore and drilling of the 
outleaching boreholes in overcore sections HYRL1 and HYRL2 in the laboratory. Arrows in 
HYRL1 and HYRL2 indicate the direction of the weak foliation. Sections NRI1 and NRI2 were 
sent to the National Research Institute of the Czech Republic (NRI) for analysis. 
 33 
HTO was outleached from the rock matrix into the boreholes filled with deionised water, 
whereas iodine was outleached into a 5% aqueous solution of tetramethylammonium 
hydroxide (TMAH). The time of outleaching from the boreholes was four weeks for HYRL2 
and two weeks for HYRL1. In parallel with the outleaching experiments in the boreholes, 
outleaching was also performed on the drillhole cores by placing the cores in plastic vials 
filled with 30 mL of deionised water for HTO and 5% TMAH for iodine determination. For 
consistency, the leaching times were the same—that is, four weeks for HYRL2 outleaching 
drillcores and two weeks for HYRL1 outleaching drillcores. 
 
Deionised water and 5% TMAH were analysed for HTO using liquid scintillation 
counting (LSC) with PerkinElmer Tricarb 2910TR. In total, 3 mL of leachate was added to 
3 mL of deionised water and 15 mL of PerkinElmer Ultima GoldTM AB scintillation liquid. 
HTO was measured at a counting time of 10 min and the counting window registered in 
HTO pulses was set to 0 to 18.6 keV. The HTO detection limit was 0.04 Bq/mL. A 
PerkinElmer Internal standard kit (accuracy of 3.447 kBq ± 1.05%) was used for the HTO 
calibration. 
 
The 5% TMAH solution was analysed for iodine using inductively coupled plasma mass 
spectrometer (ICP-MS) using an Agilent 7500ce with a quadrupole mass analyser and 
octopole reaction chamber. The solution was first diluted to a ratio of 1:10 and the iodine 
concentrations were analysed by measuring the concentration of isotope 127I. A detection 
limit of 0.006 μg/g in a pure solution was reached using helium as the reaction gas in the 
reaction chamber. 
4.3 Modelling of HTO and iodine diffusion (paper II) 
A Time Domain Diffusion (TDD) modelling tool was applied to interpret the HTO and 
iodine concentrations obtained from the outleached subsamples. In simulations, two-
dimensional (2D) grids were used as the simulation geometries (Figure 6). To model the in-
situ diffusion, the injection borehole was situated at the centre of the simulation domain, 
while the 2D grid was located perpendicular to the borehole axis. The particles were initially 
set in the borehole, and diffused everywhere according to the transition probability rules 
defined by the TDD method. The model included the cylindrical symmetry around the 
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borehole axis assuming that the rock porosity was homogeneous. Two different grid sizes 
were used to model the diffusion, namely, a grid size of 1.47 mm for simulating the in-situ 
diffusion (injection borehole radius: 19 pixels or 5.6 cm) and a finer grid size (0.5 mm) to 
model diffusion in the laboratory. The simulations were performed using 400 000 particles. 
 
To investigate the possible difference in the diffusion coefficient in granodiorite between 
in-situ conditions and laboratory conditions, diffusion modelling was completed using three 
scenarios: 
 
(1) Da = 3 × 10-10 m2/s under laboratory and in-situ conditions. This hypothesis assumed 
that the GG pore space would have roughly the same diffusive behaviour under 
atmospheric as well as under in-situ pressure conditions. 
 
(2) Da = 3 × 10-11 m2/s under in-situ and Da = 3 × 10-10 m2/s under laboratory conditions. 
Here, the Da under the in-situ stress state was lower (by a factor of 10) than that 
under laboratory conditions. 
 
(3) Da = 3 × 10-11 m2/s under both laboratory and in-situ conditions. In this case, the Da 
of the rock was low for both laboratory and in-situ conditions. 
 
A storage period between overcoring and initiating the leaching experiments in the 
laboratory existed (Figure 6) affecting the distribution of HTO and iodine in rock. The tracer 
concentration was expected to begin flattening out in HYRL1 and HYRL2 during this time 
period. The rate of flattening of the tracer concentration was determined by the tracer 
diffusion coefficient in the rock. As an example, the initial boundary conditions were shown 
for HYRL1. After overcoring (t = 780 days), the tracer flux was set to zero at the external 
boundary of the overcored section and at the boundary defining the injection borehole. 
 
(1) At t = 780 days, a concentration field was created in. This initial concentration field 
was radially symmetric around the injection borehole (Figure 7a). 
 
(2) From t = 780 days to t = 780 + 150 = 930 days, the tracer diffused freely in HYRL1 
(Figure 7b). From t = 930 days to t = 944 days, HTO and I continued to diffuse in 
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HYRL1, but also simultaneously diffused into the outleaching boreholes filled with 
deionised water (H series) or TMAH plus water (I series). This represented the 
leaching phase (Figure 7c). 
  
(3) At the end of the leaching phase, the tracer was determined in each outleaching 
borehole by separately counting the leached particles within all outleaching 
boreholes. 
 
 
Figure 7. Temporal evolution of the particle field in HYRL1. (a) Particle distribution after 780 
days of diffusion. (b) Redistribution of particles in the overcore after a 150-day time delay (no 
leaching into outleaching boreholes). (c) After 14 days, leaching into deionised water filled in 
the outleaching boreholes. The number of particles in each outleaching borehole was 
subsequently compared with the HTO activity measured in deionised water. 
4.4 Batch sorption experiments using selenium and caesium 
(papers III and IV) 
Batch sorption experiments were performed using inactive selenium and 134Cs to support 
the in-situ LTD experiments. KGG, GG and their primary minerals were crushed by milling 
and the crushed material was sieved. In these experiments the grain size was <0.3 mm. 
Crushed rocks and minerals were first immersed in simulated groundwater in liquid 
scintillation bottles using a solid–solution ratio of 100 g/L with caesium and 50 g/L with 
selenium. Samples were then left to stabilise for 14 days. Following stabilisation, tracers 
were added and the samples were left in the mixer for 14 days. The samples were then 
centrifuged and the aliquots of the sample solutions were separated from the solid material.  
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Selenium sorption experiments were performed using GG and KGG under atmospheric 
conditions and in a glove box under a nitrogen atmosphere to study the effect of a low oxic 
environment on selenium sorption. Eh was measured using a silver chloride electrode (Orion 
Redox/ORP Electrode 9778BNWP) was +150 mV (not normalised to the standard hydrogen 
electrode potential). Batch experiments were performed using three different selenium 
concentrations (0.04, 0.4 and 4 mg/L) and at three different pH (7, 8 and 9), measured using 
a Hannah Instruments HI1331 pH electrode. The pH range covered the possible pH changes 
in the block scale and in-situ diffusion experiments. The concentrations were chosen since 
this concentration range was estimated to simulate the pore water of rock and in the 
sampling holes of the block experiments after several years of diffusion. 
 
Caesium sorption experiments were performed under atmospheric conditions with GG, 
quartz, plagioclase, potassium feldspar and biotite as the concentration isotherm from 1.0 × 
10−9 M to 1.0 × 10 −3 M. The investigated concentration of caesium was added to the samples 
with a non-radioactive caesium salt (CsCl, Sigma–Aldrich) and a radiotracer of 134Cs (CsCl 
in 0.1 M hydrochloric acid (HCl), Eckert & Ziegler).  
 
Selenium samples were filtered with 0.45-μm polypropylene membrane filters for the 
ICP-MS analysis. The selenium concentration in a 0.5 M nitric acid (HNO3) solution was 
measured using ICP-MS. 134Cs was measured from the supernatant using a Perkin Elmer 
automatic 1480WIZARD 3” gamma counter with a 20 min counting time. 
4.5 Block scale diffusion experiments using selenium (paper IV) 
Diffusion experiments were performed on GG and KGG rock samples. The GG rock 
sample was taken from the inactive part of the overcore from LTD 1. The sample was a 30 
cm diameter core, 20 cm in length with two inlet holes (A and B) and five sampling holes 
(see Figure 8, right). Sampling holes A1 and A2 were situated 4 cm and 3.6 cm, respectively, 
from inlet hole A, while B1, B2 and B3 were situated 1 cm, 2 cm and 3 cm, respectively, 
from inlet hole B. B1 was situated in the direction of the rock foliation and A1 was situated 
against it. In comparison, the KGG rock sample was a 30 × 30 × 30 cm3 cube with an inlet 
hole at the centre and nine sampling holes situated around it (see Figure 8, left). Sampling 
holes A1, A2 and A3 were situated 4 cm, 3.6 cm and 1 cm, respectively, from the inlet hole. 
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Sampling holes T1 through T6 were situated about 6.6 cm to 6.8 cm from the inlet hole. The 
water volumes in the inlet and sampling holes were monitored and adjusted during the 
diffusion experiment. This was necessary particularly for GG, where saturation of the entire 
rock block was difficult to maintain due to its high permeability. 
 
 
Figure 8. Rock samples from KGG (left) and GG (right) used in the block scale diffusion 
experiments with the boreholes drilled for the diffusion tests. 
 
Block scale diffusion experiments were carried out under atmospheric conditions. The 
rock samples were placed in plastic containers with about 5 cm of deionised water at the 
bottom to keep the rocks saturated. Before the selenium injection, inlet and sampling holes 
were saturated for three months. The selenium concentration in the inlet holes was 50 mg/L. 
The inlet hole of KGG was filled with 105 mL of a modified Allard groundwater simulant. 
The sampling holes of KGG were filled with a groundwater simulant: 15 ml in A1 through 
A3 and 42 ml in T1 through T6. In GG, 35 ml of a Grimsel groundwater simulant was placed 
in inlet holes A and B, while 7 ml was placed in sampling holes A1 through A2 and B1 
through B3. Sodium azide (5%) was added to inlet holes (525 μl in KGG and 175 μl in GG) 
to prevent microbial growth. The sampling and analysis of the selenium concentration in 
the inlet holes and sampling holes were performed every four weeks in KGG and every 
three weeks in GG. From the inlet holes, 100-μl samples were taken and diluted (ratio 1:100) 
into 0.5 M suprapure HNO3. In KGG, 10-ml samples from the sampling holes were taken. 
In GG, all of the water in the sampling holes was changed. Following sampling, the 
solutions were filtered with 0.45 μm polypropylene filters and a strong suprapure HNO3 
(Romil) was added until reaching a concentration of 0.5 M before performing ICP-MS. ICP-
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MS was performed with a Agilent 7500ce with an octopole reaction system using isotope 
82Se. Quantification of selenium was completed using external calibration. During 
measurement, an internal germanium standard was introduced through an autosampler for 
stability correction. The detection limit was 0.6 ppb from a pure solution with helium as the 
reaction gas. Changes in the concentrations of Na, Mg, K and Ca in the inlet and sampling 
holes were also measured using ICP-MS. 
 
High-performance liquid chromatography (HPLC) connected to an inductively coupled 
plasma mass spectrometry (HPLC-ICP-MS, Agilent 1260 Infinity and Agilent 7500 ce) was 
used for the speciation analysis of selenium. A Dionex AG11 guard column and AS11 anion 
exchange column were used in the separation of the anionic selenium species and were 
attached to the HPLC instrument. ICP-MS was used as the concentration detector and the 
selenium isotope was quantified as 82Se. The total measurement time applied reached 8.00 
min, during which the peaks of SeO32- and SeO42- were detected at 3.47 min and 5.55 min, 
respectively. As an eluent, 10 mM sodium hydroxide (NaOH) was used with a flow rate of 
0.8 ml/min. The eluent was bubbled with an argon gas throughout measurement to remove 
dissolved carbon dioxide from the solution. 
 
Because analysing results of this kind from diffusion experiments using analytical tools 
is impossible due to the complicated geometries of the experimental systems and large 
sample volumes taken from the sampling holes, we simulated the diffusion of selenium 
using the TDD method given that this approach can handle heterogeneous geometries and 
concentrations. In TDD modelling, the diffusing molecule is defined as the particle forced 
to jump during the ‘transition time’ to one of its neighbouring voxel on the gridded mesh 
demarcating the diffusion space. Here, the modified the TDD method by Dentz et al. (2012) 
was used such that the sorption and desorption of particles can be taken into account. This 
included a trapping frequency parameter which may be used to mimic the chemical sorption 
and desorption processes. 
 
In simulations, three-dimensional (3D) greyscale images were used as the simulation 
geometries in which voxels formed the simulation grid. These grids were created according 
to the actual dimensions of the rock samples such that one voxel represents a 1 × 1 × 1 mm3 
cube (Figure 9). 
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Figure 9. Schematic drawing of the experimental setup used in simulations for KGG (left) and 
GG (right). In the simulations, a 300 × 300 × 183 voxel simulation grid was used for the KGG 
sample and a 295 × 295 × 184 voxel was used for the GG sample. In both cases, 1-mm3-sized 
voxels were used. 
 
Simulations were completed using 500 000 particles for GG and 2 000 000 in KGG 
given the different Kd and De. The initial position for each particle was chosen randomly in 
the inlet holes. The simulations were performed using De from 1.0 × 10-13 to 8.0 × 10-12 m2/s 
and Kd ranging from 6.0 × 10-5 to 4.0 × 10-3 m3/kg. 
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5 Results 
5.1 In-situ diffusion coefficients of HTO and iodine (papers I–II) 
HTO concentrations were measured in leachates after leaching times of two weeks and 
four weeks in HYRL2 and HYRL1 blocks, respectively. The specific activities of HTO were 
20 times higher in HYRL2 than in HYRL1 because of the longer outleaching time in the 
laboratory experiment and the shorter time interval from the end of the in-situ experiment. 
In addition, the outleaching boreholes in HYRL2 were spaced further apart from each other 
in order to allow more of the available matrix from which to outleach (Figure 6). 
 
Figure 10 shows the HTO in-situ diffusion profiles from the outleaching experiment in 
HYRL2. In HYRL2, only a slight decrease in HTO activity was observed in the in-situ 
diffusion profile. A clear difference in the measured activities between the H and I leachates 
existed because of the difference in the leaching process of HTO to the water or to the 5% 
TMAH solution i.e. HTO activities are lower in TMAH than in water. The efficiency of 
measuring HTO in water using LSC equals that for 5% TMAH, but it appears that HTO 
diffuses poorly into TMAH, which is an organic liquid. Thus, the H series results related to 
deionised water leaching appear more reliable. 
 
Figure 10. The HTO diffusion profile in HYRL2 obtained from the outleaching boreholes. The 
activity shown here represents the amount of HTO leached out to a 7-mL volume of deionised 
water (left). The HTO diffusion profile in HYRL2 obtained from the outleaching drillcores. 
The activity presented here represents that of HTO per core mass (Bq/g) (right). The leaching 
time was four weeks. The measurement error for the distance was ±0.1 cm with an HTO 
activity concentration of 3% to 8%. 
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Figure 10 (right) shows the HTO activities leached from the drillcores of HYRL2 given 
against the weight of the core. The amount of HTO was about 3 to 4 Bq/g in the HYRL1 
outleaching drillcores and about 6 to 7 Bq/g in HYRL2. A significant decrease in the 
outleached HTO activity in the drillcores was found at a distance of 18 cm from the injection 
borehole. The background activity of HTO in Grimsel groundwater falls far below the 
detection limit of 0.04 Bq/mL. The HTO activities against the rock mass are in good 
agreement with the activities measured at NRI from cores NRI1 and NRI2 (shown in Figure 
6), which varied from 0.1 Bq/g to 10 Bq/g (Soler et al. 2014, Havlova et al. 2013).  
 
Iodine in-situ diffusion profiles versus the distance from the circulation borehole wall in 
HYRL2 appear in Figure 11. The iodine concentrations in the leachates were measured after 
two weeks and four weeks leaching time in blocks HYRL2 and HYRL1, respectively. The 
iodine concentrations in HYRL2 were six times higher than in HYRL1 due to the longer 
delay between overcoring and the leaching experiments for HYRL1 as well as due to the 
difference in the leaching time. The shapes of the diffusion profiles were the same as those 
for HTO, while we assumed that the profiles flattened due to the delay between the 
laboratory experiments and the overcoring.  
 
Figure. 11. In-situ iodine diffusion profile in HYRL2 measured from the borehole leachates. 
The amount of iodine is given in grams per 7-mL volume of 5% TMAH (left). In-situ iodine 
diffusion profile in HYRL2 measured from the drillcores. The concentration shown here 
represents the amount of iodine per drillcore mass (right). The measurement error for the 
distance was ±0.1 cm with a 6% I concentration. The outleaching time was four weeks. 
 
The iodine concentrations measured from the drillcores ranged from 0.015 μg/g to 0.04 
μg/g in HYRL2. In HYRL1, concentrations fell below the detection limit (0.006 μg/g) in 
0 2 4 6 8 10 12 14 16 18 20
0.00
0.01
0.02
0.03
0.04
0.05
 
Drillcore I1-I4
Drillcore I5-I9
C
on
ce
nt
ra
tio
n 
/ ?
g?g
-1
Distance / cm
 42 
most leachates. A clear difference in the diffusion profiles parallel to and against the 
foliation was not observed, primarily due to the experimental uncertainties. However, GG 
is only slightly foliated since no clear difference in the permeabilities due to the foliation 
exists (Schild et al. 2001). The effect of the time period between overcoring and initiating 
the outleaching experiment at the laboratory was significant. The longer this time period, 
the more pronounced the homogenisation of the tracers in the overcored sections. The time 
delay flattens the tracer profiles, rendering evaluation of the in-situ diffusion coefficient 
more difficult. For HYRL1, the overall time period between overcoring and outleaching 
was longer (150 days) than that for HYRL2 (90 days), and the distance between the 
outleaching boreholes in a single profile was much shorter than that in HYRL2 (Figure 6). 
Hence, the results from HYRL1 appear less reliable than those obtained from HYRL2. 
 
In order to take into account the complicated geometry of the subsampling procedure in 
the overcores and the time delays, a TDD modelling tool was applied for the interpretation 
of the HTO and iodine concentrations obtained from the outleached subsamples. The in-situ 
HTO and iodine diffusion profiles could be interpreted using Da of 3 × 10-10 m2/s, which 
becomes 2 × 10-12 m2/s when converted to De. It was possible to fit the experimental data 
without considering a borehole-disturbed zone. Thus, De of (3.5 ± 0.8) × 10-12 m2/s for HTO 
was measured in the block scale diffusion experiment performed similarly using the same 
GG block as for the selenium diffusion experiment (see section 4.5) (Ikonen et al. 2016). 
While the results here are slightly higher, they fall within the same range as in-situ De. The 
same in-situ diffusion experiment was modelled by Soler et al. (2015) using methods 
different from TDD. They reported the in-situ HTO De, which varied from 1.7 × 10-13 to 1.1 
× 10-12 m2/s. The lowest values suggest a type of HTO retardation in this matrix and the 
bore-disturbed zone should be taken into account during modelling. The De for GG 
measured in the laboratory using helium in a nitrogen gas phase was 2 × 10-12 m2/s (values 
were converted to the water phase; Kuva et al. 2015). De of 7 × 10-12 m2/s for HTO was 
measured during an in-situ diffusion experiment performed in a veined gneiss in ONKALO, 
Olkiluoto, Finland (Voutilainen et al. 2014). This value agrees with the in-situ GG values.   
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5.2 Caesium sorption (paper III) 
The caesium (Cs) distribution coefficient was 0.107 ± 0.003 m3/kg on crushed 
granodiorite. Sorption followed the trend and magnitude of the sorption results of Cs on 
plagioclase with at concentrations of 10−8 M (Figure 12). Kd here is estimated as closest to 
the in-situ conditions at GTS where the Cs concentration in groundwater is 5.3 × 10-9 M 
(Aksoyoglu et al. 1991). Because the Grimsel simulated groundwater has a low salinity, Cs 
sorption is relatively high due to the lack of competing cations. The Kd values of Cs in the 
primary GG minerals at concentrations of 10−8 M appear in Table 2. Among those primary 
GG minerals, Kd of Cs was strongest for biotite, but also significant for plagioclase as well. 
Others found that Kd of Cs was close to granitic rock’s most abundant mineral plagioclase 
(Muuri et al. 2017). Previously, in-situ experiments demonstrated that the intrusion of Cs to 
GG follows the biotite veins under in-situ conditions (Figure 13) (Jokelainen et al. 2013).  
 
Figure 12. Concentration-dependent caesium (Cs) sorption on crushed granodiorite in the 
weakly saline Grimsel groundwater simulant. The pH of the samples was approximately 8.5 
and each of the data points represents the average from triplicate samples. 
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Figure 13. Photo of the rock surface (left) and corresponding autoradiograph (right). Dark 
areas in the autoradiograph show biotite veins where Cs penetrated into the rock matrix 
(Jokelainen et al. 2013). 
 
Table 2. Kd values of caesium (Cs) in the primary Grimsel granodiorite (GG) minerals at Cs 
concentrations of 10−8 M.  
Mineral quartz plagioclase potassium feldspar biotite 
GG 
whole rock 
Abundance 
in GG 
33% 37% 17% 6% – 
Kd (m3/kg) negligible 0.18 ± 0.04 0.0368 ± 0.0004 0.304 ± 0.005 0.107 ± 0.003 
 
The distribution coefficients of Cs on GG were also determined during in-situ 
experiments for the intact matrix, resulting in distribution coefficient values of 7.6 × 10-3 
m3/kg and 5.8 × 10-3 m3/kg for Cs (Jokelainen et al. 2013, Tachi et al. 2015). These values 
were more than ten times smaller than the values obtained from the laboratory experiments 
for crushed GG. These differences can be explained by the difference in the SSAs. SSAs of 
the crushed GG in the Brunauer-Emmet-Teller (BET) experiments was 0.33 m2/g, where a 
value of 0.03 m2/g was obtained for intact unaltered granodiorite (Hellmuth et al. 1995). 
Thus, SSA of the crushed GG is an order of magnitude larger than that of the intact rock 
from the in-situ experiments. 
5.3 Selenium sorption and diffusion (paper IV) 
5.3.1 Sorption 
The Kd values of selenium varied from 1.3 ± 0.3 × 10-2 m3/kg to 3.0 ± 1.0 × 10-4 m3/kg 
for GG. There was a slight decrease in the Kd values of selenium over the studied pH range 
(Figure 14). Previous studies showed that pH influences selenium sorption, particularly 
under basic conditions where the mineral surfaces might become negatively charged 
resulting in less sorption (Bray et al. 2014). Overall, the sorption remained relatively low. 
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Figure 14. Kd of selenium as a function of pH in three different concentrations determined by 
batch sorption experiments under atmospheric conditions. 
 
As shown in Figure 14, the selenium concentration slightly affects the Kd results. The 
highest concentration (4 mg/L) used resulted in slightly higher values for Kd than among 
lower concentrations. This difference becomes more significant with a neutral pH, although 
under basic conditions the effect of the selenium concentration becomes almost negligible. 
The mechanism involved here remains as yet unknown. In the experiments completed under 
a nitrogen atmosphere, Eh decreases to +150 mV which is likely to decrease the oxidation 
of SeO32- to SeO42- leading to an increase in sorption (De Cannière et al. 2010). Kd for GG 
varied from 1.5 ± 0.3 × 10-2 m3/kg to 2.0 ± 0.3 × 10-2 m3/kg. In neutral pH, Kd remained 
similar under atmospheric and nitrogen conditions, although it was notably higher in basic 
solutions with a slight tendency to decrease as the selenium concentration decreased. Under 
basic conditions, Kd of selenium was one decade higher than under atmospheric conditions. 
When comparing the Kd values under atmospheric conditions and in a nitrogen atmosphere, 
the values in the nitrogen atmosphere were notably higher in basic solutions and did not 
decrease as pH increased. 
 
The Kd values of selenium varied from 1.6 ± 0.3 × 10-2 m3/kg to 3.0 ± 1.0 × 10-3 m3/kg 
under atmospheric conditions and from 2.5 ± 0.3 × 10-2 m3/kg to 3.5 ± 0.4 × 10-2 m3/kg 
under nitrogen conditions for KGG. 
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5.3.2 Speciation 
Based on HPLC-ICP-MS analysis, the initial chemical form of the selenium added was 
SeO32-. At the end of the five-year diffusion experiment, 3.7 ± 0.2% of SeO32- was oxidised 
to SeO42- in the water in the inlet hole of KGG. However, significantly higher amounts of 
SeO32- were oxidised to SeO42- in the GG rock block over three years; 16.3 ± 0.1% of 
selenium took the form of SeO42- in the inlet hole water of GG. 
 
In waters in equilibrium with atmospheric oxygen, SeO42- is expected to be the dominant 
form (Lehto and Huo 2011). The difference between the amount of SeO42- in GG and KGG 
at the end of the diffusion experiments cannot be explained by the mineral composition 
since they are relatively similar. The differences in the groundwater simulants are more 
significant (pH, salinity, carbonate concentration). In the GG block, the basic conditions at 
the beginning of the experiment favour SeO42-, the predominate species in the inlet hole. 
Furthermore, the carbonate concentration is three times higher in the Allard groundwater 
than in the Grimsel groundwater. In addition, in the Grimsel groundwater, the carbonate 
concentration is not in equilibrium with the atmospheric CO2 at the beginning of the 
experiment and the equilibration leads to a decrease in pH from 9.6 to 7.2 over three years, 
whereas in KGG pH remains constant at about 8. 
 
Speciation was measured only in samples from hole A3 in KGG, where 28.6 ± 1.7% of 
selenium took the form of SeO42-, about eight times more than that in the inlet hole. The 
sorption of SeO32- is higher than that of SeO42- (De Cannière et al. 2010), leading to the 
faster migration of SeO32- to the rock matrix. This lead to an accumulation of SeO32- in 
sampling hole A3. 
5.3.3 Diffusion 
The decrease in selenium in the inlet holes and the increase in the sampling holes in the 
diffusion experiments were analysed using TDD simulations. For GG, it was possible to 
model the measured in-diffusion curves of selenium from both inlet holes A and B as well 
as the breakthrough curve for one sampling hole B1, the results of which appear in Figure 
15. The best agreement between the measured and modelled in-diffusion curves were found 
when using the values 3.0 ± 1.0 × 10-12 m2/s and 1.0 ± 0.3 × 10-4 m3/kg (inlet hole A) for De 
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and 2.5 ± 1.0 ×10-12 m2/s and 0.9 ± 0.3 × 10-4 m3/kg (inlet hole B) for Kd. For the 
breakthrough, the best agreement was found for the values 2.5 ± 1.5 × 10-12 m2/s and 1.2 ± 
0.6 × 10-4 m3/kg (see Table ). From these results, the values calculated for Da were 11 ± 5 × 
10-12 m2/s and 10 ± 6 × 10-12 for the inlet holes (A and B) and 8 ± 5 × 10-12 m2/s for the 
sampling hole (B1). The high uncertainties resulted from the larger variations in the 
experimental data possibly caused by slight changes in the volume of water in the sampling 
holes during the long duration of the experiment and the structural heterogeneities of the 
sample.  
 
The breakthrough of selenium was detected in all sampling holes in GG. However, the 
breakthrough curves fluctuated heavily and, thus, accurate modelling was not possible. The 
water level decreased randomly in some of the sampling holes between samplings during 
the experiment. Such fluctuations appeared more extensive in other sampling holes than in 
holes A, B, and B1The features with high transmissivity are likely to have chased the water 
loss. 
 
Figure 15. Measured and modelled curves for selenium in-diffusion from inlet holes A and B 
(left) and breakthrough into sampling hole B1 (right) together with the confidence intervals of 
the modelling.  
For KGG, a notable decrease in the selenium concentration was measured from inlet 
hole A and the breakthrough into the sampling hole at a distance of 1 cm (A3). The 
concentration in other sampling holes (T1–T2, A1 and A2) remained at or below the ICP-
MS detection limit (0.6 μg/L). The best agreement between the measured and modelled in-
diffusion curves emerged for the values of 7 ± 2 × 10-13 m2/s for De and 1.5 ± 0.3 × 10-3 
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m3/kg for Kd. For the breakthrough, the best agreement emerged for the values 7 ± 1 × 10-
13 m2/s and 1.6 ± 0.2 × 10-3m3/kg (see Table 3). From these results, the values for Da were 
1.7 ± 0.6 × 10-13 m2/s for inlet (A) and 1.6 ± 0.6 × 10-13 m2/s for breakthrough (A3).  
 
Table 3. Results for De and Kd of selenium in Kuru grey granite (KGG) and Grimsel 
granodiorite (GG) from the diffusion experiment using time domain diffusion (TDD) 
simulations.  
 KGG GG 
Decrease from 
A 
Increase in A3 Decrease from 
A 
Decrease from 
B 
Increase in B1 
De (m2/s) 7 ± 2 × 10-13 7 ± 1 × 10-13 3 ± 1 × 10-12 2.5 ± 1 × 10-12 2.5 ±1.5 × 10-12 
Kd (m3/kg) 1.5 ± 0.3 × 10-3 1.6 ± 0.2 × 10-3 1.0 ± 0.3 × 10-4 0.9 ± 0.3 × 10-4 1.2 ± 0.6 × 10-4 
Da (m2/s) 1.7 ± 0.6 × 10-13 1.6 ± 0.4 × 10-13 11 ± 5 × 10-12 10 ± 6 × 10-12 8 ± 5 × 10-12 
 
The De values for Se agree with those for HTO. De for HTO obtained using the 
outleaching method from the in-situ experiment was 2 × 10-12 m2/s, while De of 3.5 × 10-12 
m2/s was obtained from the block scale diffusion experiment, similarly performed and 
relying on the same GG block (Ikonen et al. 2016).  
5.3.4 Comparison of Kd values from batch and block experiments 
For GG, the Kd value from the batch experiments at pH 7 was 7.0 ± 2.0 × 10-3 m3/kg, 
more than one order of magnitude higher than the Kd value of 1.0 ± 0.6 × 10-4 m3/kg from 
the block scale diffusion experiment. For KGG batch sorption, Kd was 6.0 ± 2.0 × 10-3 m3/kg 
at pH 8. This was about four times higher than the Kd value of 1.5 ± 0.3 × 10-3 m3/kg 
obtained from the through diffusion experiment. When comparing the Kd values of selenium 
determined using batch sorption and through diffusion experiments, different pH values 
exist in the different experiments. For example, the pH changed significantly in GG during 
the three-year diffusion experiment—initially, pH was 9.6 falling to 7.2 by the end of the 
experiment. This might result from the equilibration with atmospheric CO2. In addition, the 
selenium speciation must be taken into account. Initially in the GG block experiment, the 
pH was 9.6, favouring SeO42- species. In all experiments, some SeO42- may be present. Thus, 
in this thesis, the Kd values determined incorporated both species. No significant changes 
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in the concentrations of Na, Mg, K and Ca existed in the inlet and sampling holes during 
the experiments. The sorption of selenium presented in this thesis agrees with the work of 
Fujikawa and Fukui (1997), who reported Kd values in granodiorite in a low ionic solution 
ranging from 1.8 × 10-1 m3/kg to 3.2 × 10-3 m3/kg. The Kd values also agree with those in 
granite ranging from 5.7 × 10-3 m3/kg to 8.6 × 10-3 m3/kg reported by Jan et al. (2006).  
 
Differences between the Kd results using crushed and intact rock were also observed in 
other studies (e.g., Bradbury and Stephen 1985, Tachi et al. 1998). Kd strongly depends on 
SSA, which should be low in intact rock compared to crushed material. For example, the 
SSA of the intact crystalline rock cores varied from 0.02 m2/g to 0.14 m2/g when measured 
using the BET/Kr method (Hellmuth et al. 1995). The difference between the Kd values 
obtained from batch and diffusion experiments is much higher in GG than in KGG even 
though the SSA values are not very far from one another for crushed material. A one decade 
difference emerged in Kd between these two rock types in the block experiments. As seen 
from the batch sorption experiments, the mineralogy and water composition does not appear 
to significantly affect the Kd values. This is likely due to the structural effects. From mercury 
porosimetry measurements, the average pore opening in GG is 400 nm, implying a smaller 
SSA in intact rock compared to KGG where the average pore opening is 200 nm. Moreover, 
pH 9.6 at the beginning of the GG experiment favours SeO42-, which sorbs less than SeO32-
. 
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6 Conclusions 
Analysis of the in-situ diffusion profiles for non-sorbing tracers is difficult in practice 
because of the significant loss of such tracers during sample preparation. Nevertheless, HTO 
and iodine diffusion profiles from the Long Term Diffusion experiment can be measured 
using the outleaching method from overcored Grimsel granodiorite rock cores. The 
diffusion depth of HTO and iodine through the connected pore network reached several 
centimetres. The outleaching method allowed for the successful analysis of HTO and iodine 
from the connected pore network of the granodiorite. However, long delays between the 
overcoring and outleaching analyses existed, potentially disturbing the determination of the 
HTO and iodine profiles through the homogenisation of tracers in the overcored sections. 
Thus, outleaching radionuclides should be completed immediately after overcoring to avoid 
flattening the diffusion profile in a permeable rock matrix such as Grimsel granodiorite. 
Because of this, the TDD modelling tool—a flexible method that takes the changes in the 
boundary conditions and the complicated experimental geometries into account—was used 
here for modelling the diffusion profiles. The same apparent diffusion coefficient of 3 × 10-
10 m2/s, which is 2 × 10-12 m2/s when converted to effective diffusion coefficient, fit both 
the HTO and iodine results and no difference between the in-situ and laboratory diffusion 
coefficients was detected.  
 
Caesium sorption to Grimsel granodiorite was 0.107 ± 0.003 m3/kg at a 10−8 M Cs 
concentration. Because the Grimsel simulated groundwater features a low salinity, caesium 
sorption results from a lack of competing cations. Sorption was highest on biotite, where Kd 
= 0.304 ± 0.005 m3/kg. In-situ experiments determined that the penetration of caesium into 
granodiorite follows the biotite veins under in-situ conditions.  
 
Selenium sorption was low in batch and block scale experiments for both Grimsel 
granodiorite and Kuru grey granite, both of the rock types used in this work. The block scale 
and batch sorption experiments were performed using SeO32- (Se IV) under atmospheric 
conditions. Some of the batch sorption experiments were also completed in a nitrogen 
atmosphere. The batch Kd values were very low and similar for both rock types, while the 
values were slightly higher under a nitrogen atmosphere where Eh was +150 mV. In the 
batch sorption experiments under a nitrogen atmosphere, selenium remains in the form of 
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SeO32-, slightly increasing Kd. HPLC-ICP-MS was performed to determine the selenium 
speciation at the end of the block scale experiments. As such, some SeO32- (Se IV) oxidised 
to SeO42- (Se VI) when in contact with atmospheric oxygen.  
 
A similar TDD modelling approach to that used in the in-situ diffusion profile was used 
to interpret the Kuru greu granite and Grimsel granodiorite block scale diffusion 
experiments of selenium because of the challenging boundary conditions due to the 
geometry of the experimental setup. The selenium effective diffusion coefficients was 2.5 
± 1.5 × 10-12 m2/s for Grimsel granodiorite and 7 ± 2 × 10-13 m2/s for Kuru grey granite. 
These values agreed well with previously reported values for non-sorbing elements.  
 
The Se (IV) Kd values obtained from the batch sorption experiment were larger than 
those obtained from the block scale experiments for both Grimsel granodiorite and uru 
grey granite. For Grimsel granodiorite, the Kd value from the batch experiments at pH 7 was 
7.0 ± 2.0 ×10-3 m3/kg, about one order of magnitude higher than the Kd value of 1.0 ± 0.6 × 
10-4 m3/kg resulting from the block scale diffusion experiment. For Kuru grey granite batch 
sorption, Kd was 6.0 ± 2.0 ×10-3 m3/kg at pH 8, about four times higher than the Kd value of 
1.5 ± 0.3 × 10-3 m3/kg obtained from the through diffusion experiment. This can be 
explained by the increase in SSA due to crushing the rock for batch experiments.  
 
Laboratory studies conducted using crushed rock significantly overestimated the 
sorption of selenium compared to studies conducted on intact rock. The block scale 
experimental conditions resembled in-situ conditions and, therefore, provided valuable data 
for upscaling. Flexible TDD modelling proved quite useful as a tool to handle the measured 
data from both the block scale experiments and in-situ experiments on non- and weakly 
sorbing tracers. When taking into account the small differences in the physical 
characteristics of the rock types, the methods developed here and some of the findings may 
apply to the Finnish repository site at a phenomenological level.  
 
In future, the outleaching method will be used to measure the in-situ diffusion profile of 
HTO from an overcored sample from a second long-term diffusion experiment currently in 
progress at G Test Site. The selenium Kd and De values from batch sorption and block scale 
experiments will also be used when analysing the selenium results from the same in-situ 
experiment. 
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